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a b s t r a c t

Comprehensive assessment tools are needed that reliably describe environmental impacts of different
agricultural systems in order to develop sustainable high yielding agricultural production systems with
minimal impacts on the environment. Today, Life Cycle Assessment (LCA) is increasingly used to assess
and compare the environmental sustainability of agricultural products from conventional and organic
agriculture. However, LCA studies comparing agricultural products from conventional and organic
farming systems report a wide variation in the resource efficiency of products from these systems. The
studies show that impacts per area farmed land are usually less in organic systems, but related to the
quantity produced impacts are often higher. We reviewed 34 comparative LCA studies of organic and
conventional agricultural products to analyze whether this result is solely due to the usually lower yields
in organic systems or also due to inaccurate modeling within LCA. Comparative LCAs on agricultural
products from organic and conventional farming systems often do not adequately differentiate the
specific characteristics of the respective farming system in the goal and scope definition and in the in-
ventory analysis. Further, often only a limited number of impact categories are assessed within the
impact assessment not allowing for a comprehensive environmental assessment. The most critical points
we identified relate to the nitrogen (N) fluxes influencing acidification, eutrophication, and global
warming potential, and biodiversity. Usually, N-emissions in LCA inventories of agricultural products are
based on model calculations. Modeled N-emissions often do not correspond with the actual amount of N
left in the system that may result in potential emissions. Reasons for this may be that N-models are not
well adapted to the mode of action of organic fertilizers and that N-emission models often are built on
assumptions from conventional agriculture leading to even greater deviances for organic systems be-
tween the amount of N calculated by emission models and the actual amount of N available for emis-
sions. Improvements are needed regarding a more precise differentiation between farming systems and
regarding the development of N emission models that better represent actual N-fluxes within different
systems. We recommend adjusting N- and C-emissions during farmyard manure management and
farmyard manure fertilization in plant production to the feed ration provided in the animal production of
the respective farming system leading to different N- and C-compositions within the excrement. In the
future, more representative background data on organic farming systems (e.g. N content of farmyard
manure) should be generated and compiled so as to be available for use within LCA inventories. Finally,
we recommend conducting consequential LCA e if possible e when using LCA for policy-making or
strategic environmental planning to account for different functions of the analyzed farming systems.

© 2014 Elsevier Ltd. All rights reserved.
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1. Introduction

Agriculture's impacts on the environment are substantial (Foley
et al., 2005, 2011). In particular modern agriculture is accelerating
the rate of biodiversity loss and is one of the major drivers of
climate change and human induced changes to the nitrogen cycle,
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with these three processes having already exceeded the Earth's
boundaries (Rockstr€om et al., 2009). In order to become more
sustainable farming systems should be developed and applied that
minimize externalities by optimizing the use of internal production
inputs (e.g. of farmyard manure) (Nemecek et al., 2011b) and/or
implement ecological intensification, which involves replacing
external inputs with ecosystem services (e.g. by enhancing natural
biocontrol) while maintaining or even increasing yield levels
(Bommarco et al., 2013).

Organic farming is often proposed as solution to reduce agri-
culture's impacts on the environment (Seufert et al., 2012b).
However, yields in organic agriculture are usually lower than in
conventional agriculture. For example, crop yield differences be-
tween organic and conventional systems range e while strongly
depending on system and site characteristics e from 5 to 34% (de
Ponti et al., 2012; Seufert et al., 2012a). So, more land is usually
required to produce the same amount of food in organic farming
systems than in conventional farming. Thus, the environmental
benefits per product unit of organic farming might be outweighed;
as was argued in the recent meta-analysis by Tuomisto et al.
(2012).

In order to develop more sustainable farming systems, re-
searchers and decision-makers need information about the
strengths and weaknesses of different farming systems with
respect to productivity and environmental impacts within the
ecosystems' carrying capacity. Therefore, assessment tools are
required that allow for comprehensive environmental impact as-
sessments of different farming systems to enable informed
conclusions.

Life cycle assessment (LCA) is increasingly used to assess the
ecological sustainability of food products and is seen as a useful tool
to evaluate environmental impacts of food products and production
systems (Roy et al., 2009). LCA is the most comprehensive method
available and useful for avoiding problem-shifting e.g., from one
phase of the life cycle to another because it analyzes potential
environmental impacts throughout a product's life cycle (ISO,
2006) including the supply chain and downstream processes
(Finnveden et al., 2009). Results from LCAs may form the basis for
making decisions for policy makers, producers as well as for con-
sumers in selecting sustainable products and production processes
(Roy et al., 2009).

A growing number of LCA studies has compared the environ-
mental impacts of the same products produced in organic vs.
conventional agriculture (see Table 1). Most of these LCA studies
have found a lower environmental burden from organically pro-
duced products on a per area and year basis, but higher impacts
have been found when evaluating emissions per product unit (e.g.
Nemecek et al. (2011a) and the studies reviewed therein). Lower
yields of organic farming systems leading to higher environmental
impacts on a per product basis are seen as their main drawback
(Tuomisto et al., 2012).

However, contemporary LCA studies report a wide variation in
the resource efficiency of products from organic and conven-
tional agriculture (e.g. studies on milk by Cederberg and
Mattsson (2000), Williams et al. (2006), Thomassen et al.
(2008b), van der Werf et al. (2009)). Some of this variation
may be explained by yield differences between organic and
conventional agriculture, while some of the variation may
depend more on farmer's management choices than on the
farming system itself (Tuomisto et al., 2012). Alternatively, some
of the variation reported by comparative LCAs of products from
different farming systems may also be due to inaccurate
modeling of characteristics specific to the farming systems
related to the assessed products.

The objectives of this review are:
a) to determine the parameters leading to differences in environ-
mental impacts between organic and conventional products
within comparative LCAs; and

b) to analyze, whether these parameters reflected farming system
specific differences adequately.

Further, we analyze whether comparative LCA studies on
organic and conventional products can be used to draw general
conclusions on the environmental performance of organic and
conventional farming systems. Finally, the objective is to show how
LCA can be improved to better differentiate between products from
different farming systems.

2. Methods

2.1. Review of peer-reviewed comparative LCA studies and LCA
study reports

2.1.1. Literature search
We searched the ISI Web of Knowledge literature database

(www.isiwebofknowledge.com) and the Scopus database (www.
scopus.com) for LCA studies that compared organically and
conventionally (i.e. non organic) produced commodities with no
restriction on publication year or geographical context although
review articles were excluded from the analysis. The search string
“life cycle assessment AND organic AND conventional” was used in
combination with different keywords including milk, beef, pig,
poultry, arable crops, fruits and vegetables. In peer reviewed jour-
nals and conference proceedings, we found 31 comparative LCA
studies and studies using LCA methodology to assess only a single
impact category (e.g. carbon footprint studies). Since we searched
academic literature databases, this review includes only studies
which primarily aimed at answering academic questions. However,
such studies may serve as the scientific basis for decision making,
such as on a regulatory level.

In addition we included three scientific reports, which were
available on the internet, on comparative LCAs from the UK
(Williams et al., 2006), Sweden (Cederberg and Flysj€o, 2004), and
Switzerland (Alig et al., 2012). These three reports were not peer
reviewed although they are well knownwithin the LCA community
dealing with food and agriculture. The report from Swedenwas the
basis for the peer reviewed study by Flysj€o et al. (2012) and the
report from the UK was the basis for the peer reviewed study by
Williams et al. (2010). Both peer reviewed studies were also
included in this review. All of the 34 studies that were reviewed are
listed in Table 1, which also indicates the commodities, the country,
and the underlying data basis.

Further, we added inventories on organic and conventional
products from ecoinvent v2.2 and from ESU-services Ltd.
(Jungbluth et al., 2013) to the studies found in literature and
included them in our analyses (see Section 2.2).

2.1.2. Evaluation criteria
The main focus of this review of LCA studies and inventories is

on the question of how organic and conventional farming systems
were differentiated and modeled within comparative LCAs in order
to assess and compare environmental impacts of agricultural food
products. The review was guided by the following evaluation
criteria:

1. Goal and scope definition
� What was the goal of the LCA?
� Was the LCA conducted with an attributional or consequential
perspective?

� What allocation rules were applied?

http://www.isiwebofknowledge.com
http://www.scopus.com
http://www.scopus.com
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� What system boundaries were chosen?
� What functional units were used?

2. Inventory
� What was the data basis used (experimental data vs. modeled
data)?

� What assumptions were taken regarding farming practices
(including yields)?

� What emission calculation models were used?
� Were site-specific emission and characterization factors
applied?

3. Impact assessment
� Which impact categories were assessed?
� Which life cycle impact assessment (LCIA-)methodswereused?

4. Interpretation of results
� Were sensitivity analyses to choices of methods conducted?
� Were uncertainty analyses of results conducted?
� What conclusions were drawn?
2.1.3. Analysis of studies
The studies were grouped according to the commodities that

were analyzed and each study was analyzed according to the
evaluation criteria listed above (see Supplementary Material). If not
explicitly reported in the studies, we calculated the environmental
impacts per unit of area and year additionally to the impacts re-
ported per unit of product. This way the cultivation intensity, and
how impacts related to the different agricultural systems before
dividing by the amount of yield, became transparent. In the studies
of Kavargiris et al. (2009), Litskas et al. (2011), Michos et al. (2012),
and Zafiriou et al. (2012) impacts were reported per area only. For
these studies, we calculated impacts per product based on the
yields reported in these studies. Furthermore, the productivity as
the amount of product per area was calculated if it was not
explicitly stated in a paper. The relative differences between the
impacts and yields of organic and conventional farming systems
were calculated for each study (see also Supplementary Material).

In some studies, organic farming practices were compared with
several conventional systems of different intensities (Haas et al.,
2001; Cederberg and Flysj€o, 2004; Casey and Holden, 2006;
Williams et al., 2006; Warner et al., 2010; Nemecek et al., 2011a;
Alig et al., 2012; Leinonen et al., 2012a,b; Michos et al., 2012;
Zafiriou et al., 2012; Abeliotis et al., 2013; Villanueva-Rey et al.,
2014). To analyze how products from farming systems that differ
substantially are assessed in LCA, we considered only the compari-
sons betweenorganic agriculturewith thehighest intensity levels of
conventional agriculture. A rangeof variants, including low-, upland,
andalpineproduction systems inmilk (H€ortenhuberet al., 2010) and
suckler cowand feedlot systems in beef production (Alig et al., 2012)
within organic and conventional agriculture were analyzed to
identify differences between the environmental impacts of organic
and conventional agriculture for each of the variants. No compari-
sons were carried out across variants. Some studies included
transportation, storage, and/or processing after the farm gate
(Gr€onroos et al., 2006; Meisterling et al., 2009; Liu et al., 2010; Alig
et al., 2012). However, since the systemic differences between
organic and conventional farming occur within agricultural pro-
duction,weonlyconsidered the agricultural productionphase inour
analyses (cradle-to-farm gate). Further quantitative and qualitative
data were extracted wherever possible such as to compare surplus
nitrogenwith the amount of nitrogen from the emissions'modeling.

2.2. Analysis of inventory data

We supplemented the overview of published environmental
impacts for organic and conventional products (Table 2) with
inventory data from ESU-services Ltd. (Jungbluth et al., 2013) on
milk, beef, pork, poultry, tomatoes, carrots, strawberries and pears;
and ecoinvent inventories v2.2 on wheat, barley, soybean, and
potatoes (Table 3): all of which are available for Swiss organic and
integrated production (IP) (Nemecek et al., 2007). IP production in
this paper refers to the definition in Nemecek et al. (2011a)
including principles such as equilibrated nutrient balance, ecolog-
ical compensation areas, diversified crop rotation, soil protection
during winter to reduce the risk of erosion and nitrate leaching, and
targeted and restricted application of pesticides. For this overview,
we considered only impacts reported per unit of product (Table 3).
Ecoinvent inventories are widely used as background data in LCA
studies so critical points on the inventory level regarding emissions'
modeling are, therefore, potentially translated to any respective
LCA study that uses these inventory data.

3. Results and discussion

3.1. Overview of studies reviewed

3.1.1. Scope of the studies
In total, 34 studies that used LCA methodology and which

compared milk, beef, pork, poultry, eggs, fruits, vegetables, nuts,
and arable crops from organic and conventional agriculture were
reviewed (Table 1). Some studies compared more than one product
(Gr€onroos et al., 2006; Williams et al., 2006, 2010; Bos et al., 2007;
Nemecek et al., 2011a; Alig et al., 2012; Venkat, 2012). Milk was the
product most often compared between organic and conventional
agriculture (11 out of 34 studies reviewed), while six studies dealt
with meat from different production systems, one study analyzed
egg production and 19 studies compared various plant products. All
but four studies (Cederberg and Flysj€o, 2004; Williams et al., 2006,
2010; Flysj€o et al., 2012) were fully independent and mostly used
data from real farms to assess the environmental impacts of
products from different production systems (Table 1). In Flysj€o et al.
(2012), the farm inventories from Cederberg and Flysj€o (2004) were
used for further analyses and Williams et al. (2010) built upon
Williams et al. (2006).

In the cases of milk, beef, pig, and egg production, all of the
reviewed studies refer to middle or northern European agriculture
(Table 1). In the case of poultry, one study was conducted in
southern Europe in addition to two studies from middle and
northern Europe. Of the studies on fruit, vegetables and arable
crops, one study analyzed pear (Liu et al., 2010) and one soybean
production systems in China (Knudsen et al., 2010). Further, two
studies on different crops were conducted in the USA (Meisterling
et al., 2009; Venkat, 2012). All of the other studies on fruits, vege-
tables, and arable crops were conducted in the context of European
agriculture.

Almost all of the reviewed studies compared organic with
conventional production systems to elicit which farming system is
the most environmentally sustainable for the analyzed products.
Seven studies furthermore aimed at identifying hot-spots of envi-
ronmental impacts to enable deduction of mitigation options to
reduce environmental impacts of farming systems (Cederberg and
Mattsson, 2000; Basset-Mens and van der Werf, 2005; Gr€onroos
et al., 2006; van derWerf et al., 2009; H€ortenhuber et al., 2010; Alig
et al., 2012; Guerci et al., 2013). Abeliotis et al. (2013) further
analyzed the environmental impacts of using different bean vari-
eties. Meisterling et al. (2009) also compared agricultural impacts
on global warming potential (GWP) with transport impacts. Venkat
(2012), in addition, analyzed the scenario of converting production
of the analyzed products from conventional to organic estimating
the potential for sequestering additional organic carbon in the soil.
Finally, one study used data from organic and conventional milk



Table 1
Comparative LCA studies reviewed.

Study Products analyzed Country Data basis

Abeliotis et al. (2013) Bean Greece Several producers involved in a labeling schemes (to derive average
agricultural practice in the region under study)

Alig et al. (2012) Beef, pig, poultry Switzerland Beef: 14 model farms based on data from 2534 conventional/1818
organic farms;
Pig: 6 model farms based on data from 5397 conventional/258
organic farms
Poultry: 3 production scenarios based on production data from one
meat processing company

Basset-Mens and van der Werf (2005) Pig France 3 production scenarios based on French official farm statistical data
and expert judgment, data from one local feed producer

de Backer et al. (2009) Leek Belgium 1 organic/1 conventional agricultural research institute
Boggia et al. (2010) Poultry Italy 1 organic/1 conventional farm
Bos et al. (2007) Potato, sugar beet, pea,

leek, lettuce, beans
The Netherlands Model farms for different farm types, data origin not further

specified
Casey and Holden (2006) Beef Ireland 5 organic/5 conventional farms
Cederberg and Mattsson (2000) Milk Sweden 1 organic/1 conventional farm
Cederberg and Flysj€o (2004) Milk Sweden 6 organic/9 conventional farms
Flysj€o et al. (2012) Milk Sweden 6 organic/9 conventional farms
Gr€onroos et al. (2006) Milk, rye Finland 1 organic/1 conventional farm
Guerci et al. (2013) Milk Denmark 2 organic/3 conventional farms
Haas et al. (2001) Milk Germany 6 organic/6 conventional
H€ortenhuber et al. (2010) Milk Austria Official Austrian farm statistical data (IACS database)
Juraske and Sanju�an (2011) Orange Spain Typical production conditions from a Spanish orange production

region
Kavargiris et al. (2009) Grape Greece 9 organic/9 conventional farms
Knudsen et al. (2010) Soybean China 20 organic/15 conventional farms
Kristensen et al. (2011) Milk Denmark 32 organic/35 conventional farms
Leinonen et al. (2012a) Poultry UK Industry data/national inventories/database data
Leinonen et al. (2012b) Eggs UK Industry data/national inventories/database data
Litskas et al. (2011) Cherry Greece 10 organic/10 conventional orchards
Liu et al. (2010) Pear China 3 organic/2 conventional farms
Meisterling et al. (2009) Wheat USA Farm statistical data/literature data
Michos et al. (2012) Peach Greece 3 organic/4 conventional farms
Nemecek et al. (2011a) 2 crop rotations of arable crops Switzerland Long term field trials
Thomassen et al. (2008b) Milk Netherlands 11 organic/10 conventional farms
van der Werf et al. (2009) Milk France 6 organic/41 conventional farms
Venkat (2012) Alfalafa, blueberry, apple, wine

grape, raisin grape, strawberry,
almond, walnut, broccoli, lettuce

USA (California) Literature data (cost and return studies)

Vermeulen and van der Lans (2011) Tomato Netherlands Statistical data from the greenhouse horticulture industry
Villanueva-Rey et al. (2014) Wine grape Spain 1 organic (biodynamic)/1 conventional vineyard
Warner et al. (2010) Strawberry UK Total of 20 farms comprising 3 organic/6 conventional strawberry

production systems
Williams et al. (2006) Milk, beef, pig, poultry, wheat,

oilseed rape, potato, tomato
UK Farm statistical data (official UK and private company data),

literature, expert judgment, existing inventories including
ecoinvent

Williams et al. (2010) Wheat, potato UK National survey data/literature data
Zafiriou et al. (2012) Asparagus Greece 3 organic/5 conventional farms

M.S. Meier et al. / Journal of Environmental Management 149 (2015) 193e208196
production systems to investigate how different LCA modeling
approaches can influence the results of milk carbon footprints
(Flysj€o et al., 2012).

3.1.2. Functional unit
Except for the studies of Kavargiris et al. (2009), Litskas et al.

(2011), Michos et al. (2012) and Zafiriou et al. (2012) where im-
pacts were related to area only, all of the reviewed studies
expressed environmental impacts of the impact categories listed in
Table 2 as impact per product unit. Three of the studies analyzing
milk (Haas et al., 2001; van derWerf et al., 2009; H€ortenhuber et al.,
2010), the study of Nemecek et al. (2011a) on arable crops, and the
study of Abeliotis et al. (2013) on beans additionally expressed the
environmental impacts by area and year.

3.1.3. Data basis and sample size
Of the 34 studies, 22 based their comparison on production data

from a sample of real farms (Table 1). Those studies comparing
production systems on nationwide scale used average national
statistical data (Basset-Mens and van der Werf, 2005; Williams
et al., 2006, 2010; Meisterling et al., 2009; H€ortenhuber et al.,
2010; Leinonen et al., 2012a,b; Venkat, 2012). One study used sta-
tistical data from the horticultural industry (Vermeulen and van der
Lans, 2011). One study on field crops used data from long term field
trials (Nemecek et al., 2011a). In two cases regional production data
was used (Juraske and Sanju�an, 2011; Venkat, 2012), one study
compared products frommodel farms of which data origin was not
further specified (Bos et al., 2007), and one study derived the
average agricultural practice within a region from producers
without mentioning their number (Abeliotis et al., 2013).

Overall, the data basis for production data regarding manage-
ment practices, inputs, and yields in the reviewed comparative
LCAs can be considered to be of high reliability. However, in 18
studies, data were taken from 10 or less farms for one or both
farming systems (Table 1). In these cases it is questionable whether
the results are representative for the farming system. In nine
studies, the sample size of conventional farms was larger than the
sample size of organic farmswhile sample size of organic farmswas
larger in three studies (Table 1). Nemecek et al. (2011a) compared
arable crops from organic and conventional systems and calculated



Table 2
Overview of impact categories analyzed per product group and the relative differences between organic and conventional systems in the 26 reviewed studies.

Impact category Relative difference organic/conventional
on per area unit and yeara

Relative difference organic/conventional
on per product unita

# of studies

Milk 11
Energy demand �70 to �39% �56 to �7% 8
Global warming potential (GWP) �67 to �13% �38 to þ53% 10
Eutrophication potential �76 to �2% �66 to þ63% 7
Acidification potential �51 to �2% �13 to þ63% 7
Ecotox terrestrial �73% �59% 1
Pesticide use �100 to �94% �100 to �89% 3
Productivity �47 to �6% 11
Land use þ6 to þ90% 11

Beef 3
Energy demand �64 to �22% �35 to þ53% 2
Abiotic resource use �53% �14% 1
GWP �60 to �24% �15 to þ15% 3
Eutrophication potential (aquatic and terrestric combined) þ13% þ108% 1
Eutrophication potential terrestric þ12% þ42% 1
Eutrophication potential aquatic N �8% þ17% 1
Eutrophication potential aquatic P �26% �6% 1
Acidification potential �34 to þ10% þ40 to þ82% 2
Ozone vegetation �61 to �22% �1 to þ8% 1
Ozone human �58 to �21% 0 to þ14% 1
Resource use K �98 to �90% �95 to �87% 1
Resource use P �97 to �96% �97 to �96% 1
Water use (blue water) �59 to �33% �15 to þ14% 1
Productivity �64 to �21% 3
Land use þ27 to þ175% 3
Arable land use �70 to �14% 1
Deforested land use �98 to 0% 1
Pesticide use �100% �100% 1
Ecotox terrestrial incl. pesticides �99 to �97% �98 to �96% 1
Ecotox aquatic incl. pesticides �100 to �99% �99% 1
Human tox incl. pesticides �95 to �74% �86 to �67% 1

Pig 3
Energy demand �50 to �23% �13 to þ40% 3
Abiotic resource use �45% �6% 1
GWP �41 to �5% �11 to þ73% 3
Eutrophication potential (aquatic and terrestric combined) �67 to �43% �43 to þ4% 2
Eutrophication potential terrestric þ24% þ116% 1
Eutrophication potential aquatic N 0% þ74% 1
Eutrophication potential aquatic P �54% �20% 1
Acidification potential �81 to þ12% �67 to þ96% 3
Ozone vegetation �36% þ12% 1
Ozone human �34% þ15% 1
Resource use K �96% �93% 1
Resource use P �94% �89% 1
Water use (blue water) �45% �4% 1
Productivity �45 to �42% 3
Land use þ73 to þ82% 3
Arable land use þ82% 1
Deforested land use �97% 1
Pesticide use �100 to �90% �100 to �83% 2
Ecotox terrestrial incl. pesticides �98% �96% 1
Ecotox aquatic incl. pesticides �99% �98% 1
Human tox incl. pesticides �92% �98% 1

Poultry 4
Abiotic resource use �60 to þ56% þ80 to þ241% 2
Energy demand �64 to �32% þ3 to þ59% 4
GWP �71 to �33% �24 to þ46% 4
Eutrophication potential (aquatic and terrestric combined) �46 to �20% þ76 to þ140% 2
Eutrophication potential terrestric þ6% þ140% 1
Eutrophication potential aquatic N �12% þ100% 1
Eutrophication potential aquatic P �56% 0% 1
Acidification potential �56 to �12% þ16 to þ100% 4
Ozone vegetation �48% þ18% 1
Ozone human �56% 0% 1
Resource use K �99% �97% 1
Resource use P �85% �67% 1
Water use (blue water) �93% �85% 1
Productivity �78 to �54% 4
Land use þ119 to þ346% 4
Arable land use þ124% 1
Deforested land use �83% 1

(continued on next page)
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Table 2 (continued )

Impact category Relative difference organic/conventional
on per area unit and yeara

Relative difference organic/conventional
on per product unita

# of studies

Pesticide use �98 to �96% �92 to �90% 2
Ecotox terrestrial incl. pesticides �99% �98% 1
Ecotox aquatic incl. pesticides �100% �99% 1
Human tox incl. pesticides �93% �83% 1

Eggs 1
Abiotic resource use �47% þ122% 1
Energy demand �63% þ56% 1
GWP �72% þ17% 1
Eutrophication potential (aquatic and terrestric combined) �52% þ104% 1
Acidification potential �59% þ72% 1
Productivity �76% 1
Land use þ323% 1
Pesticide use �99% �96% 1

Fruits & vegetables 13
Abiotic resource use �89 to þ42% �71 to þ89% 3
Energy demand �48 to þ54% �25 to þ104% 5
GWP �90 to þ121% �81 to þ130% 8
Eutrophication potential �96 to þ219% �90 to þ323% 3
Acidification potential �94 to þ127% �83 to þ201% 2
Ozone (photochemical oxidation) �92 to �5% �79 to þ30% 2
Ozone depletion �94 to �14% �84 to þ17% 2
Ecotox terrestrial �100% �99% 2
Productivity �65 to þ76% 12
Ecotox aquatic �100% �100% 1
Human tox �100 to �82% �100 to �76% 2

Nuts 1
GWP þ18 to þ22% þ52 to þ490% 1

Arable crops 8
Abiotic resource use �77 to �17% �83 to þ22% 3
Energy demand �77 to �21% �56 to þ14% 6
GWP �69 to �92% �41 to þ45% 8
Eutrophication �65 to þ104% �62 to þ210% 5
Acidification �84 to þ119% �58 to þ66% 5
Ozone (photochemical oxidation) �91 to �13% �93 to þ9% 2
Ozone depletion þ24 to þ32% 0 to þ11% 1
Resource use K �75% �66% 1
Resource use P �97% �96% 1
Pesticide use �100 to �81% �100 to �72% 2
Productivity �68 to þ32% 8
Land use þ9 to þ214% 4
Ecotox terrestrial �99 to þ25% �100 to þ8% 2
Ecotox aquatic �87 to �36% �84 to �25% 1
Ecotox aquatic (freshwater) �252 to þ38% �0.06 to þ0.03% 1
Ecotox aquatic (marine) þ23 to þ29% �2 to þ10% 1
Human tox �65 to �17% �50 to �2% 2

Environmental impacts on per area unit were calculated if not explicitly given in the studies.
a Basis: conventional.
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the average yearly environmental impacts of different crop rota-
tions with rotation cycles of 6 years. Villanueva-Rey et al. (2014)
considered two years of production in their analysis of wine
grapes. All other studies considered only one year of production.

3.1.4. Reported impacts
Three studies showed a higher productivity for organic pro-

duction systems (Liu et al., 2010; Venkat, 2012; Abeliotis et al.,
2013) and in one study the same productivity for organic and
conventional was reported (Juraske and Sanju�an, 2011). Out of the
12 crops analyzed in Venkat (2012) higher productivity in organic
was only reported for alfalfa, blueberry, raisin and wine grape and
apple (for the latter two only in one out of two cases analyzed). In
all other studies reviewed productivity of conventional production
was higher.

Further, organic products usually had lower environmental
impacts on a per area unit across all of the analyzed impact cate-
gories. The most noticeable exception was the study of Abeliotis
et al. (2013) where impacts of organic beans were also higher on
a per area basis for all impact categories analyzed except for aquatic
ecotoxicity. The authors attributed the higher impacts to the higher
diesel, water, and electricity input per ha in organic. Further ex-
ceptions were abiotic resource use, eutrophication and acidification
potential for beef, pig and poultry production in Williams et al.
(2006) and Alig et al. (2012), energy demand, eutrophication and
acidification potential of tomatoes in Williams et al. (2006),
eutrophication potential of wheat and potatoes in Williams et al.
(2010), acidification potential of wheat and potatoes in Williams
et al. (2010) and global warming potential of strawberries in
Warner et al. (2010) (Table 2, see also Supplementary Material). For
the same impact categories and the same commodity, the envi-
ronmental impacts reported in the reviewed LCA studies varied
considerably; e.g. the relative difference between the GWP of
organically and conventionally produced milk was found to vary
from �67 to �13% per area unit and from �38% to þ53% per
product unit (Table 2).



Table 3
Relative difference between environmental impacts per product unit of selected
products from the ESU-services and ecoinvent v.2.2 databases.

Relative difference organic/integrated
on per product unita

Livestock productsb Milk Beef Pig Poultry

Energy demand �5% �2% �24% �8%
Global warming potential (GWP) �12% �8% �25% �18%
Ozone depletion �3% �8% �39 �17%
Eutrophication potential �13% �1% þ4% þ4%
Acidification potential �12% �13% �30% �21%
Heavy metals, water �30% �48% �81% �79%
Heavy metals, soil �165% �261% þ405% �79%
Pesticide use �100% �99% �100% �100%
Water use �69% �76% �73% �73%
Land use �1% �23% �32% �32%

Fruits & vegetablesb Tomatoes Carrots Strawberries Pear

Energy demand �71% þ12% þ61% þ26%
Global warming potential (GWP) �78% �9% þ39% þ10%
Ozone depletion �69% �46% þ8% �50%
Eutrophication potential �17% �69% �65% �85%
Acidification potential �86% þ13% þ84% þ17%
Heavy metals, water �97% �60% �25% þ60%
Heavy metals, soil þ306% þ2410% þ5981% �29%
Pesticide use �53% �100% �96% �100%
Water use �28% þ51% þ64% þ5%
Land use þ37% �38% �117% �117%

Arable cropsc Barley grains Soybeans Wheat grains Potatoes

Energy demand �6% �10% �11% �5%
Global warming potential (GWP) þ18% �12% �9% þ88%
Ozone depletion �66% �54% �81% �68%
Eutrophication potential þ54% �26% þ80% þ39%
Acidification potential �57% �59% �59% �9%
Heavy metals, water �77% �65% �79% �54%
Heavy metals, soil þ333% �105% þ665% þ1102%
Pesticide use �100% �100% �100% �100%
Water use �65% �54% �68% �12%
Land use 0% �36% �4% þ1%

a Basis: conventional.
b Inventories from LCI database of ESU-services only (Jungbluth et al., 2013).
c Inventories from ecoinvent v2.2 (Nemecek et al., 2007).
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The relative differences between organic and integrated prod-
ucts from the ESU-services Ltd. (Jungbluth et al., 2013) and ecoin-
vent (v2.2) databases (Nemecek et al., 2007) are listed in Table 3.
Impacts were calculated with the ecological scarcity method
(Frischknecht et al., 2009; Jungbluth et al., 2012). The differences
listed in Table 3 are within the ranges found in the comparative
studies (Table 2) for the respective product and impact category or
are slightly better for organic: with the exceptions of energy de-
mand for pig and poultry; GWP for pig; eutrophication potential for
beef and all fruits and vegetables; acidification potential of to-
matoes; and land use of livestock products, fruit and vegetables but
without tomatoes, soybean and wheat. Land use impacts for live-
stock products and fruit and vegetables are less for organically
produced products because the biodiversity on the organic fields is
higher, which is accounted for in the ecological scarcitymethod and
thus balances the higher land occupation due to lower yields.

3.1.5. Interpretation of results
Regarding the interpretation of results, only six of the 34

reviewed studies conducted a sensitivity analysis on the choices of
emissionmodels or the choices of impact assessment methods, and
only seven studies carried out a Monte-Carlo simulation to verify
uncertainties within the results (Table 4). Six of the 34 reviewed
studies concluded that organic farming systems compared to con-
ventional perform better in some impact categories (e.g., non-
renewable energy use, GWP, resource use of P and K, ecotoxicity)
and worse in others (e.g., GWP, eutrophication and acidification
potential) (Table 4). Eighteen studies concluded that organic
farming has lower environmental impacts, or may have lower im-
pacts in certain cases, for the impact categories analyzed. However,
five of these 18 studies referred this conclusion to impacts per area
only. Two studies concluded that there are no differences in envi-
ronmental impacts at product level between organic and conven-
tional farming systems. Finally, four studies drew no conclusions on
the environmental performance of the analyzed farming systems
because either the focus was on the assessment procedure or no
generalization was possible due to small sample sizes.

3.2. Critical points within the goal and scope definition

Of the reviewed LCA studies, 31 were attributional and three
claimed to have considered a consequential perspective (Liu et al.,
2010; Kristensen et al., 2011; Flysj€o et al., 2012). In attributional
LCAs, the analysis gives a description of resource flows and emis-
sions attributed to the functional unit assuming a status quo situ-
ation. Consequential LCAs follow a cause-effect chain approach to
analyze how pollution and resource flows within a system change
in response to change in the provision of the functional unit
(Thomassen et al., 2008a). As Earles and Halog (2011) simply put it,
consequential LCA represents the convergence of LCA and eco-
nomic modeling methods. The choice of attributional or conse-
quential LCA strongly determines the choice of co-product handling
and, by that, the choice of system boundary. Physical relationships,
exergy, energy, mass, or economic allocation are usually used in
attributional LCA, while consequential LCA uses system expansion
to determine the environmental burden to be attributed to co-
products.

Flysj€o et al. (2012) and Kristensen et al. (2011) used system
expansion when determining the GWP of milk to distribute emis-
sions between milk and meat. They argue that, when comparing
organic with conventional milk production, it is important to
consider the linkage betweenmilk and beef production because the
system specific difference leads to different functions (higher milk
and lower meat production in the one case, lower milk and higher
meat production in the other). These different functions are usually
not considered by attributional LCA: In organic milk production
systems cows on average have more lactation periods and therefore
deliver more beef meat (Flysj€o et al., 2012). Flysj€o et al. (2012), in
their Swedish study, calculated that 5 g moremeat (carcass weight)
were produced per kg of organically produced energy corrected
milk (ECM). Assuming constant consumption patterns, these 5 g of
extra meat per kg of milk have to be compensated by alternative
conventional meat production systems: depending on the specific
socio-economic context. For Sweden, Flysj€o et al. (2012) assumed
that beef from suckler cow systems would replace it. Kristensen
et al. (2011) assumed, in the case of Denmark, that 50% would be
replaced by pork and 50% by beef from suckler cows and intensive
steer production.

In the context of GWP mitigation measures, increasing milk
yield per cow is a solution to reduce emissions per unit of milk that
is often discussed (see Flysj€o et al. (2012) and the studies cited
therein). This conclusion is mostly based on attributional LCAs that
allocate GHG emissions between milk and beef and thereby ignore
the link between milk and beef production. Interestingly, when
considering the linkage between milk and beef production through
system expansion with a consequential perspective, no correlation
between GHG emissions per unit of milk and the milk annual yield
per cow exists (Flysj€o et al., 2012; Zehetmeier et al., 2012). In
contrast to attributional LCAs, consequential LCAs have been sug-
gested for the assessment of animal production systems because
they can provide insight into the multidimensional, and sometimes



Table 4
Sensitivity and uncertainty analyses of results and main conclusions drawn in the reviewed studies.

Study Sensitivity analysis
on choices of
methods/models

Uncertainty
analyses
of results

Main conclusions regarding farming systems

Abeliotis et al. (2013) No No Integrated agricultural (IP) bean production is preferable among conventional, IP and organic in
terms of acidification, eutrophication, and GWP. Organic bean production leads to the protection
of abiotic resources.

Alig et al. (2012) Yes Yes Compared to conventional meat production systems organic systems show a lower resource use
of P and K and a lower terrestric and aquatic ecotoxicity due to the ban of mineral fertilizers and
synthetic pesticides. However, lower yields in organic leads to higher environmental impact per
kg meat.

Basset-Mens and
van der Werf (2005)

No Yes No conclusion on farming systems (focus is on the scenario-based assessment procedure to
compare different production systems).

de Backer et al. (2009) No No Assessed on area basis organic farming shows a more favorable environmental profile than
conventional farming. Due to lower yields in organic farming overall environmental benefits are
strongly reduced or disappear on a per product basis.

Boggia et al. (2010) No No System comparison showed that organic systems present the lowest environmental impacts.
Bos et al. (2007) No No Organic dairy farming performs better and organic crop production worse than their

conventional counterparts.
Casey and Holden (2006) No Yes Shift from conventional to organic suckler-beef production would reduce GHG emissions in

terms of product and area, but at the cost of a large drop in production per hectare.
Cederberg and Mattsson (2000) No Yes Organic (i.e. extensive) milk production has environmental benefits (reduced use of pesticides

and phosphorus). However, measures to reduce impacts in GWP, acidification and
eutrophication have to be implemented for organic and conventional milk production.

Cederberg and Flysj€o (2004) n.a.a No Two strategies for reducing environmental impacts of milk production: 1) increasing production
per cowwhile optimizing use of input resources (to be favoredwhen land resources are limited).
2) extensive production, e.g. by organic farming (to be favored when land resources are
sufficient for large home-based fodder production).

Flysj€o et al. (2012) Yesb No Increased milk production per cow does not necessarily reduce the GWP of milk when the
alternative production of the by-product beef is considered.

Gr€onroos et al. (2006) Yesb No Organic milk and rye bread production in Finland are somewhat less dependent on non-
renewable energy sources than conventional. Changing from conventional to organic would be
the easiest way to reduce non-renewable energy use in milk production. For rye bread it would
be the second best choice since reduction potential within bakeries is even greater.

Guerci et al. (2013) No No Huge variability in environmental impact within farms of a particular farming system due to
different structural characteristics and management strategies. No upscaling of results on
regional or national level possible due to small sample size. Proportion of grassland in the
farming system and the feed efficiency in the herd most strongly influenced the environmental
impact.

Haas et al. (2001) No No LCA is suitable to compare farms and farming systems, but further development in methodology
is needed.

H€ortenhuber et al. (2010) No No Organic milk production systems have a lower GWP per ha of farmland and per kg of milk.
However, site-specific conditions are important: The higher the potential milk output per cow,
the lower the differences between compared systems.

Juraske and Sanju�an (2011) No No Organic orange production represents the least toxic pest management alternative for human
toxicity and fresh-water ecotoxicity impacts compared to integrated pest management
(conventional production).

Kavargiris et al. (2009) No No GWP (of fossil energy only) and non-renewable energy use in organic vineyards is lower than in
conventional (on a per area basis). Organic farming systems could be an answer to the objectives
of EEB's vision for European Agriculture (2008e2020).

Knudsen et al. (2010) Yes No Organic soybeans imported from China to Denmark have lower environmental impact per ton
produced than conventional soybeans. However, the transport stage accounts for 51% of GWP.

Kristensen et al. (2011) No No There is a high variation in GWP per kg milk between farms within organic and conventional
agriculture. Differences between the average GWP per kg milk from organic and conventional
production was negligible.

Leinonen et al. (2012a) No Yes Improving feed efficiency (quantity, composition, nutrient content) has the potential to reduce
environmental impacts of broiler production.

Leinonen et al. (2012b) No Yes Large differences in many impact categories between the different egg production systems
analyzed. These reflect the differences in efficiency in production, feed consumption, and
material and energy use. Further, there large variation in impacts between different production
units within the same system can be observed.

Litskas et al. (2011) No No Organic cherry production is an efficient way to reduce non-renewable energy input and GHG
emissions (of fossil energy and fertilizer production only) in Natura 2000 sites (on a per area
basis).

Liu et al. (2010) Yes No Conversion from conventional to organic farming may contribute to the reduction of GHG
emissions and non-renewable energy use.

Meisterling et al. (2009) No No When conventional and organic wheat are transported the same distance to market, the organic
wheat system produces less GHG emissions. Farming practices such as fuel use, fertilizer
management, and tillage matter greatly when discussing the difference between organic and
conventional products.

Michos et al. (2012) No No Organic farming holds is an efficient way to reduce (on a per area basis) energy inputs and
greenhouse gas-emissions (of fossil energy and fertilizer production only).

Nemecek et al. (2011a) Yes No An overall assessment of organic crops in comparison to integrated crop production
(conventional) led to the conclusion that environmental impacts of organic farming are in
general equal or lower than impacts of conventional farming.
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Table 4 (continued )

Study Sensitivity analysis
on choices of
methods/models

Uncertainty
analyses
of results

Main conclusions regarding farming systems

Thomassen et al. (2008b) No No Organic farms showed lower non-renewable energy use and lower eutrophication potential per
kg of milk than conventional farms, but had higher GWP and acidification potential implying
that higher NH3, CH4 and N2O emissions occur on farm per kg of organic milk.

van der Werf et al. (2009) No Yes Organic farms have lower potential environmental impacts than conventional farms per ha of
land occupied, but there are no significant differences in impacts per kg of milk (except for land
occupation).

Venkat (2012) Noc No Average emissions for organic production are higher by 10.6% due to lower yields, higher on
farm energy use, the production and delivery of large quantities of compost and the fact that
emissions frommanufacture of synthetic fertilizers and pesticides used in conventional farming
are not large enough of offset the additional emissions in organic farming.

Vermeulen and van der Lans (2011) No No No conclusion on farming systems (study focused on the use of combined heat and power
[cogeneration] within organic and conventional tomato production).

Villanueva-Rey et al. (2014) No No Biodynamic viticulture shoed a substantially lower environmental profile for all assessed
impacts (except for land use).

Warner et al. (2010) No No It is possible to grow strawberries in low-input systems if cropped in season (without covers), if
sufficient land is available to permit a long rotation and if suitable soil conditions are present.

Williams et al. (2006) No No Organic field crops and animal products mostly consume less primary energy than the
respective conventional products (except poultry meat and eggs). Regarding GWP, acidification,
and eutrophication, organic production often results in increased burdens.

Williams et al. (2010) No No Results for conventional production were similar to those from other European studies.
However, values for organic systems were higher for the UK compared to other European
studies.

Zafiriou et al. (2012) No No Although organic farms showed a great variability regarding GWP (of fossil energy and fertilizer
production only) and non-renewable energy use of asparagus production, organic farming can
efficiently reduce energy inputs and GHG emissions.

a Life cycle inventory (LCI) only.
b By-product handling.
c However, sensitivity analysis on variable distance for transport of inputs to the farm was carried out.
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conflicting, consequences of different mitigation options (de Boer
et al., 2011). Especially when policy related questions with
respect to sustainable food systems are addressed, consequential
LCA may help to better understand the interrelations of the
different farming systems with the market situation and con-
sumption patterns, including the coverage of rebound effects, and
by that may lead to more precise conclusions with regard to
improvement strategies. Schader et al. (2012) pointed out that the
consequential perspective seems to be important in particular in
agricultural LCAs as it is better able to catch differences between
farming systems: in particular when conclusions are generalized or
used as a basis for decision-making by policy makers. This also
applies in the context of comparisons between intensive with
extensive farming systems.

Flysj€o et al. (2012) also applied a consequential approach in the
context of calculating GHG emissions from indirect land use change
(ILUC). Two attributional approaches to calculating GHG emissions
for soy meal production from Brazil were compared with two
consequential approaches to calculate GHG emissions from land
use: under the assumption that all land occupation is associated
with GHG emissions. ILUC caused by displacement of crops to be
grown in other countries is not considered in attributional ap-
proaches, whereas an evaluation of this is attempted in the
consequential approaches. However, as argued in Flysj€o et al.
(2012), a limitation of the consequential approaches is that, in the
case of Schmidt et al. (2011), the assessment of land use change
(LUC) is based merely on land's biological production capacity,
which is a great simplification. The method proposed in Audsley
et al. (2009) is even more simplified since the same LUC-factor is
used for all land. In the real world, decisions on land use and land
use change are affected bymany factors including economicmarket
conditions, trade patterns and environmental regulations (Flysj€o
et al., 2012).

To identify options for reducing fossil energy use and GHG
emissions, Liu et al. (2010) calculated GWP and energy use for
organic and conventional pear production chains in two different
regions in China. They used the consequential approach by
Dalgaard and Halberg (2007) to distribute the environmental
burden of farmyard manure between animal and plant production.
Dalgaard and Halberg (2007) argue that the livestock products
should be burdened with these extra emissions because manure in
plant production causes higher N-emissions than mineral fertilizer
if the yield level is set constant. However, to acknowledge the
benefit of avoiding the production of mineral fertilizer by using
farmyard manure, they also subtracted the emissions from the
avoided production of mineral fertilizer from the burden of the
livestock products.While citing this approach Liu et al. (2010) argue
that, in their analyzed organic pear production chains, they do not
need to account for the field emissions of farmyardmanure because
these burdened the livestock products. However, Dalgaard and
Halberg (2007) only burdened livestock production with the extra
N-emissions caused by the farmyard manure (compared to mineral
fertilizer). Plant production still has to be burdened with the
amount of N equivalent to the amount of N in the avoided mineral
fertilizer. This is most probably the reason why, in the study of Liu
et al. (2010), GWP of one ton of organic pears was much lower than
for conventional pears: even though N input was higher in the
organic pear production systems.

A comparison between different farming systems may become
biased in cases where the allocation rule misses reflecting system-
specific differences. To improve the quality of comparative LCAs
for different agricultural systems, in particular if the aim is to
answer policy related questions on what kind of agriculture to
support, we suggest using system expansion whenever possible
because agricultural production is often associated with co-
production and a consequential approach might even better
encompass the system under study. Furthermore, if the multi-
functionality of agriculture is to be integrated in an assessment,
the inclusion of non-commodity outputs is probably easier to
accomplish by system expansion.



Table 5
Relation of N-surplus and calculated N-emissions in different studies of milk.

Haas et al. (2001) Cederberg and
Mattsson (2000)

van der Werf et al.
(2009)

Cederberg and
Flysj€o (2004)

Thomassen
et al. (2008a,b)

N-inputa organic [kg N/ha a�1] 93 75 73 103 156
N-input conventional [kg N/ha a�1] 128 235 152 224 288
Atmospheric deposition organic [kg N/ha a�1] 20 10 0 8 30
Atmospheric deposition conventional [kg N/ha a�1] 20 10 0 8 26
Total N-input organic [kg N/ha a�1] 113 85 73 111 186
Total N-input conventional [kg N/ha a�1] 148 245 152 232 314

Total N-outputb organic [kg N/ha a�1] 31 20 35 32 82
Total N-output conventional [kg N/ha a�1] 48 47 64 66 91

N-use efficiency organic [output:input] 27 24 48 29 44
N-use efficiency conventional [output:input] 32 19 42 28 29

NH3-N organic [kg N/ha a�1] 55 24 13 25 28
NH3-N conventional [kg N/ha a�1] 68 61 16 39 40
NO3-N organic [kg N/ha a�1] 31 19 31 26 21
NO3-N conventional [kg N/ha a�1] 80 32 69 32 64
N2O-N organic [kg N/ha a�1] 4 1.2 3 3.2 5
N2O-N conventional [kg N/ha a�1] 6 3.1 4 4.7 7
NO-N organic [kg N/ha a�1] n.s. n.s. n.s. n.s. n.s.
NO-N conventional [kg N/ha a�1] n.s. n.s. n.s. n.s. n.s.
NOx-N organic [kg N/ha a�1] 7 n.s. 2 n.s. n.s.
NOx-N conventional [kg N/ha a�1] 17 n.s. 3 n.s. n.s.

Milk yield organic [kg/ha a�1] 4882 3297 4416 5100 8937
Milk yield conventional [kg/ha a�1] 7153 7415 7197 9460 14,713

N-surplusc organic [kg N/ha y�1] 51 65 38 79 104
N-surplus conventional [kg N/ha y�1] 100 198 88 166 223
Ratio surplus conventional: organic 1.96 3.05 2.30 2.10 2.15

kg N-surplus/kg milk organic 0.010 0.020 0.009 0.015 0.012
kg N-surplus/kg milk conventional 0.014 0.027 0.012 0.018 0.015
Ratio surplus conventional: organic 1.34 1.35 1.41 1.13 1.30

Total N from lossesd organic [kg N/ha] 97 44 49 54 54
Total N from losses conventional [kg N/ha] 172 96 92 76 111
Ratio losses conventional: organic 1.77 2.17 1.89 1.40 2.05

kg N-losses/kg milk organic 0.020 0.013 0.011 0.011 0.006
kg N-losses/kg milk conventional 0.024 0.013 0.013 0.008 0.008
Ratio losses conventional: organic 1.21 0.97 1.16 0.75 1.24

Share of N-surplus found in N-losses organic 190% 68% 128% 69% 52%
Share of N-surplus found in N-losses conventional 172% 49% 105% 46% 50%

Relative difference in reported eutrophication
potential between organic and conventional
milk on a per amount of product basis

�66% þ9% �30% þ35% �36%

a N-inputs at farm gate as seeds, feed, straw, mineral fertilizer, imported manure, N-fixation, cattle.
b N-outputs at farm gate as products, exported manure.
c Balance between N input (from fertilizers, feed import, N-fixation, N-deposition) and N output (as animal and plant products).
d Sum of NH3, NO3, N2O, NO, NOx.
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3.3. Critical points within the inventory analysis

3.3.1. Nutrient balances vs. calculated N flows within studies on
milk

Nutrient losses from the nitrogen cycle are responsible for many
environmental impacts of modern agriculture (Cederberg and
Mattsson, 2000) and affect the eutrophication and acidification
potential, GHG emissions, and biodiversity. N-emissions result from
the N-surplus on farms. N-flows are different in organic and con-
ventional agriculture because external N inputs on conventional
farms are usually higher (bymineral fertilizer use and a higher share
of concentrates in feed rations),which results in ahigherN-inputper
hectare. As a consequenceof thehigherN-inputperhectare, a higher
N-surplus per hectare is often also found on conventional farms
(Hansen et al., 2000; Dalgaard et al., 2002; de Boer, 2003; Knudsen
et al., 2006). Surplus N is the nitrogen that is potentially lost to the
environment through different N-emissions. Therefore, total N-
losses by emissions cannot exceed N-surplus.
Among the 34 reviewed studies, Haas et al. (2001) and van der
Werf et al. (2009) determined farm gate nutrient balances on the
inventory level as the starting point for their emissions' calcula-
tions, while in Cederberg and Flysj€o (2004) and Cederberg and
Mattsson (2000), farm gate nutrient balances were used as a
reference to the modeled emissions, and so provided an indirect
indication for the emissions of nitrogen and phosphorus. Data from
nutrient balances and calculated N-losses are summarized from
five studies on milk from the 34 reviewed LCAs where the neces-
sary data were provided (Table 5).

In all five studies listed in Table 5, N-surplus per hectare on
organic farms was two to three times lower than on conventional
farms. When dividing the N-surplus per hectare by the milk yield
per hectare, the amount of surplus-N per kg milk was still lower for
organic milk in all five studies. This result suggests that the overall
N-losses due to emissions per kg milk should also be lower in
organic systems. Calculated N-losses per hectare still were lower
for organic production across all five studies. However, this
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changed in two cases when the N-losses per hectare were divided
by the milk yield per hectare (Cederberg and Mattsson, 2000;
Cederberg and Flysj€o, 2004). Cederberg and Mattsson (2000) re-
ported that N-losses per milk yield per hectare became equal for
organic and conventional and Cederberg and Flysj€o (2004) reported
that N-losses per milk yield in organic production systems excee-
ded those of conventional systems (Table 5). In these two studies,
the eutrophication potential was reported as 9 and 35% higher per
kg of organic milk respectively: even though the N surplus per kg
milk was lower in the organic systems. As a consequence of the
lower N surplus in the organic systems, eutrophication potential
per kg of organic milk should be lower too.

Interestingly, when calculating the share of N-losses from N-
surplus, the calculated N-losses did not equal N-surplus in any of
the studies: neither for organic nor for conventional production
systems (Table 5). In two cases the calculated N-losses exceeded the
amount of N-surplus for both organic and conventional systems
(Haas et al., 2001; van der Werf et al., 2009). In all other cases, the
calculated N-losses for organic systems made up 52e69% of the N-
surplus whereas the calculated N-losses only amounted to 46e50%
of the surplus-N for conventional milk production in the corre-
sponding cases.

This analysis indicates that the models for calculating N-losses
in LCAs need to be improved to better account for the N-surplus
and, in particular, that the models have to be adapted to better
reflect organic production systems. Cederberg and Flysj€o (2004)
stress that models used to calculate N-losses are probably not
fully adapted for organic production systems. Therefore, in
comparative LCAs of farming systems, it should be critically
examined whether a higher eutrophication and acidification po-
tential per product unit in organic farming systems is really due to
lower yields: as is often argued. In cases where the N-surplus per
product unit in extensive farming systems is lower than in intensive
farming systems, the eutrophication potential per product unit
should also be lower. In fact, N-surplus could be used as a cross
reference to check for plausibility of calculated N-losses.

3.3.2. Nutrient balances vs. calculated N flows within ecoinvent
processes

To analyze how calculated N-losses correspond with surplus-N
from N-balances in ecoinvent inventories (v2.2), we transformed
the inventories for the four crops listed in Table 6 from emissions
per kg to emissions per ha by multiplying the emissions in the
inventory by the yield of the respective crop. Thereby, for wheat
and barley, we considered that the inventories per kg comprised an
economic allocation step between grains and straw. The inventories
for the four crops represent Swiss agricultural practice and are
available for organic and integrated production (IP). Furthermore,
we determined N-input and -output as well as N-losses per ha from
the data given in the inventories (Table 6). We then calculated the
N-balance by considering the total N content for organic fertilizers
(slurry, solid manure). The N-surplus and, accordingly, N-losses
were always higher in the organic crops than in IP systems except
for the case of soybeans (Table 6). However, in all inventories, in-
dependent of the farming system, N-losses calculated by emission
models exceeded N-surplus by a factor of 1.7e3.6 (Table 6) whereas
N from nitrate emissions made up 74e90% of total N losses. The
main reason for this imbalance is probably that the nitrate leaching
model used within the inventories also includes nitrogen miner-
alization from soil organic matter (Richner et al., 2006; Nemecek
et al., 2007; Nemecek and Schnetzer, 2011). The additional nitro-
gen from mineralization is not considered in the nitrate emission
calculation in the N-balances in Table 6. However, while N miner-
alization is considered for the calculation of the nitrate leaching
potential, this is not the case in the model for calculating N2O
emissions. Furthermore, as described in Richner et al. (2006), the
nitrate leachingmodel does not consider losses from denitrification
(N2 and N2O). This actually means that some of the N in the losses is
counted twice. From the situation outlined above, again it becomes
obvious that N-emission models used to calculate N-losses within
inventories need to be improved and adjusted to the actual N-flows
within different agricultural systems.

3.3.3. Differentiation of dietary N-flows within livestock production
systems

Important differences between extensive and intensive live-
stock production systems are different dietary compositions that
lead to different environmental impacts. In particular, dietary
composition affects N-excretion and thereby influences N-emis-
sions from manure (Klevenhusen et al., 2011). The level of excreted
N strongly depends on the relationship between the amount of
crude protein (CP) that is fed and the amount of dietary N built into
milk and body mass (Külling et al., 2001). Ruminal N use efficiency
is determined by the optimal ratio of degradable carbohydrates and
the CP content.

As our review revealed, the relationship between the N-content
in the diet and the N-content in the excrement is hardly ever
considered in LCA inventories and might be an important reason
why some of the surplus N remains unaccounted for in LCAs of milk
(see Section 3.3.1) and beef (see later this section). From the
reviewed studies of milk and beef production, only van der Werf
et al. (2009) considered that a higher protein content in the feed
ration leads to a higher nitrogen content within the excrement.
Ryan et al. (2011), in their study of dairy production systems
showed that, even though an increase of N-input in the diet leads to
an increase in N-output in the form of production (i.e. milk), 40% of
the extra N-input was lost to the environment. Regardless of the
production system, more than 70% of the N consumed is excreted
via urine as ammonia (Ryan et al., 2011; Orr et al., 2012). Higher
ammonia emissions affect the GWP, as well as the eutrophication
and acidification potential. Since, in conventional agriculture, feed
rations have a higher average protein content (Alig et al., 2012),
higher ammonia emissions from excrement should be attributed to
conventional agriculture. Orr et al. (2012) reported that a 2.7 fold
increase of N-content in the diet led to a 1.8 fold increase of N
excreted in urine. Cederberg and Mattsson (2000) concluded that
the calculation of N-losses by emission models, and especially
ammonia emissions, seemed to be the most uncertain. In their
study, 90% of the acidification potential was due to ammonia losses
in organic and conventional systems and, within the eutrophication
potential, ammonia accounted for approximately 50%. A better
adaptation of ammonia emission models to different farming sys-
tems, including taking the diet-related N-flows into account,
would, therefore, lead to more accurate estimates for acidification,
eutrophication and GWP within comparative LCAs of animal
products.

The degree to which dietary compositions may influence N-
flows in different farming systems could be demonstrated using the
information provided in Alig et al. (2012), where organic and con-
ventional steer production systems in Switzerland were compared.
Even though different dietary compositions between organic and
conventional steer production were considered to account for
different environmental impacts from feed production and for
different formations of enteric CH4 in the cattle, the influence of
different dietary compositions on the N-excretion was neglected.
Instead, the same annual N-excretion rate per beef production unit
of 33 kg N y�1 was assumed for organic and conventional steer
production systems (Table 7). Based on this assumption, and due to
the longer time needed to gain the slaughter weight in the organic
system, 1 kg of beef (LW) in the organic system produced 43%



Table 6
N-balance vs. N-surplus in ecoinvent inventories (v2.2) of arable crops at Swiss farms [kg N/ha* a�1].

Wheat grains Barley grains Soybeans Potatoes

Organic IP Organic IP Organic IP Organic IP

Slurry spreadinga, by vacuum tanker/CH U 86.1 5.6 69.2 11.7 6.7 16.2 18.4 22.5
Solid manureb loading and spreading, by hydraulic loader and spreader/CH U 35.5 0.5 28.5 8.8 13.3 11.0 65.1 70.6
Seeds (organic, at regional storehouse/CH U, IP at regional storehouse/CH U respectively) 4.0 3.6 2.1 1.6 7.2 6.6 5.8 5.8
Ammonium nitrate, as N, at regional storehouse/RER U 67.1 48.5 0.0 16.9
Urea, as N, at regional storehouse/RER U 23.6 17.0 0.0 5.9
Diammonium phosphate, as N, at regional storehouse/RER U 7.0 6.6 0.0 1.0
Calcium ammonium nitrate, as N, at regional storehouse/RER U 33.7 24.3 0.0 8.5
Ammonium sulfate, as N, at regional storehouse/RER U 5.1 3.7 0.0 1.3
N-fixationc 143.5 150.0
N-Depositiond 25.0 25.0 25.0 25.0 25.0 25.0 25.0 25.0
Total N-input (sum of all above N-inputs) 151 171 125 147 196 209 114 158
Yield main product 79.3 129.6 61.6 101.3 168.4 176.0 68.7 113.3
Straw 16.9 12.3 12.7 15.6
Total N-output 96 142 74 117 168 176 69 113
N-surplus 54 29 50 30 27 33 46 44
NH3-N 27.9 7.5 24.1 7.9 2.8 4.7 12.9 15.1
NOx-N 0.5 0.6 0.5 0.4 0.7 0.7 0.3 0.4
N2O-N 3.1 3.9 3.0 2.7 4.4 4.7 2.2 2.6
NO3-N 90.4 74.9 91.7 96.1 43.9 45.2 66.0 59.1
Total N-losses 122 87 119 107 52 55 81 77
Share of N-surplus found in N-losses [%] 224 296 236 352 190 169 179 174
kg N-losses/kg yield (main product) 0.030 0.014 0.029 0.016 0.018 0.019 0.004 0.002
kg N-surplus/kg yield (main product) 0.013 0.005 0.012 0.004 0.010 0.011 0.002 0.001

a Slurry composition according to Nemecek et al. (2005); N-content (Ntot) according to Walther et al. (2001); dilution 1:1.5.
b Solid manure composition according to Nemecek et al. (2005); N-content (Ntot) according to Walther et al. (2001).
c Assumed as 150 kg N/ha for conventional, yield adjusted for organic.
d Assumed as 25 kg/ha/a.
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higher N-excretions than 1 kg of beef (LW) in the conventional
system (Table 7). However, from the differences in dietary
composition between the organic and the conventional steer pro-
duction system, it is hardly possible that this would result in the
same annual N-excretion rate.We, therefore, calculated the amount
of N excreted in the two systems, based on the dietary compositions
given in Alig et al. (2012), by adding the crude protein (CP) content
of the different ingredients and subtracting the amount of N that
was built into biomass. The latter was determined by summing the
rumen degradable protein (RDP) of each dietary component. CP and
Table 7
N excretion rate assumed in Alig et al. (2012) for Swiss steer production systems and
recalculated from dietary N intake.

Swiss beef production Relative
differencea

Conventional Organic

Age of slaughter [Mt] as given in study 15 22
End of life weight [kg LW] as given

in study
525 538

N excretion per kg live weight as
given in study [g N/kg LW]

79 112 43%

N-uptake based on CPb intake from
roughage [kg N/cattle]

35.3 78.0

N-uptake based on CP intake from
concentrates [kg N/cattle]

36.1 7.2

Total N-uptake based on CP intake
[kg N/cattle]

71.4 85.2

Total N retention in body mass
[kg N/cattle]

11.6 12.7

Total N excreted [kg N/cattle] 59.8 72.5

Annual N excretion rate per
production unit [kg N/a]

44 34

N excretion per kg live weight
[g N/kg LW]

114 135 18%

a Basis conventional.
b Crude protein.
RPD values were taken from the Swiss database on animal feed
(http://www.feed-alp.admin.ch/start.php). Despite the higher di-
gestibility of the CP in concentrates, this led to an annual N-
excretion rate per beef production unit of 44 kg N a�1 in the con-
ventional system vs. 34 kg N a�1 in the organic system. Relating the
differences in N-excretion rates to the amount of N excreted per kg
of beef (LW) results in a calculated difference between the organic
and the conventional system of 18% (Table 7), which is half of the
difference reported in Alig et al. (2012).

Assuming the same annual N-excretion rate per animal in both
systems would mean that, in the extensive system due to a rearing
phase that is one and a half times longer, the cattle would also eat
one and a half times more protein as in the intensive system. If this
was the case, then the end of life weight within the extensive
system should be considerably higher than in the intensive system:
despite the lower fodder use efficiency in the extensive system
(which is 0.16 vs. 0.2 in the intensive system) due to the higher
share of roughage in the diet. By simplifying assumptions, a system
difference was generated that was twice the difference calculated
using N-excretion rates specific for organic and conventional
farming.

As a consequence of different N-excretion rates between
different farming systems, average N-values in manure can be ex-
pected to differ between organic and conventional agriculture as
well. This in turn leads to different N-emissions from manure
storage and from crop production. However, N contents in manure
from organic and conventional agriculture were not differentiated
in any of the comparative LCA studies reviewed.

In contrast to the observation that the diet related effects on N-
flows have hardly been considered in LCAs so far, the influence of
different diets on CH4 production from enteric fermentation is
often differentiated between organic and conventional milk and
beef production systems (Table 8). Higher CH4 emissions are
attributed to organic agriculture due to forage based diets. How-
ever, if different CH4 emissions are considered from enteric
fermentation based on different diets, different CH4 emissions

http://www.feed-alp.admin.ch/start.php


Table 8
Diet-related differentiation of enteric fermentation in LCAs on milk and beef.

Total # of studies # of studies differentiating emission
factors for enteric fermentation

Emission factors based on

Kirchgeßner et al. (1993, 1995) IPCC (2006) (tier 2) Others

# of studies for milk 9 7 4 2 3
# of studies for beef 3 2 1 1 1
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during manure storage should be considered as well. Concentrates
in the diet increase the content of undigested nutrients in manure,
which may be transformed to CH4 by microbial degradation. This
may compensate for diet-related mitigation achievements in the
animal (Klevenhusen et al., 2011). Hindrichsen et al. (2006) showed
that CH4 emissions from slurry increased when dairy cowswere fed
mixed forage-concentrate diets instead of forage-only diets.
Despite this evidence from experimental studies none of the
reviewed comparative LCAs on milk and beef considered diet-
dependent CH4 emissions from manure during storage.

In contrast, newer studies even challenge the widespread
assumption that forage-only diets necessarily result in higher
enteric CH4 formation than mixed forage-concentrate diets
(Klevenhusen et al., 2011). This means that the GWP of forage-
based milk and beef production systems in LCAs have been over-
estimated in those cases where different emission factors for
enteric fermentation based on diet composition were used and
where emissions of manure storage was not differentiated for diet
compositions.
3.4. Critical points within the impact assessment

Of the 34 studies, 10 analyzed the global warming potential
(GWP) only (carbon footprint (CF) studies) (Casey and Holden,
2006; Bos et al., 2007; Meisterling et al., 2009; H€ortenhuber
et al., 2010; Liu et al., 2010; Warner et al., 2010; Kristensen et al.,
2011; Vermeulen and van der Lans, 2011; Flysj€o et al., 2012;
Venkat, 2012) [see Supplementary Material for a tabular over-
view]. Five studies focused on energy demand (Gr€onroos et al.,
2006; Kavargiris et al., 2009; Litskas et al., 2011; Michos et al.,
2012; Zafiriou et al., 2012). In addition to energy demand
Kavargiris et al. (2009), Litskas et al. (2011), Michos et al. (2012),
and Zafiriou et al. (2012) also quantified greenhouse gas emissions
from fossil fuel use and fertilizer production. However, N2O emis-
sions from soils were not included. From these studies we, there-
fore, only considered energy demand in this review. Further, one
study examined toxicity (human toxicity and freshwater ecotox-
icity) (Juraske and Sanju�an, 2011). The remaining 18 studies
analyzed at least eutrophication and acidification potential in
addition to GWP. Of these 18 studies, nine studies assessed a wider
range of environmental impacts that can be routinely assessed
today using LCA (Williams et al., 2006, 2010; de Backer et al., 2009;
Nemecek et al., 2011a; Alig et al., 2012; Leinonen et al., 2012a,b;
Abeliotis et al., 2013; Villanueva-Rey et al., 2014). Biodiversity im-
pacts were assessed in Alig et al. (2012) and Nemecek et al. (2011a),
using the LCIA-method “SALCA-BD” (Jeanneret et al., 2009, 2014), in
Guerci et al. (2013) using biodiversity damage scores as proposed
by De Schryver et al. (2010), and in Haas et al. (2001) where impact
on biodiversity was qualitatively judged based on self-defined
criteria. However, all four studies the impact on biodiversity was
assessed for only part of the life cycle of the specific products and
was determined on a per area unit only except in Guerci et al. (2013)
where land use impacts were related to the production of 1 kg of
milk. Impacts of cultivation practices on soil quality were assessed
in Nemecek et al. (2011a) who applied the LCIA-method “SALCA-
SQ” (Oberholzer et al., 2006) with impacts related to area.
The above analysis shows that comparative LCAs of agricul-
tural products are far from a comprehensive environmental
assessment. The environmental assessment was restricted to only
one single impact category in almost half of the studies reviewed.
However, important environmental impacts of farming systems,
such as effects on biodiversity and soil quality, are not routinely
assessed by LCA due to a lack of appropriate impact assessment
methods and are, therefore, usually lacking in contemporary
comparative LCAs (Cederberg and Mattsson, 2000; Reap et al.,
2008; Finnveden et al., 2009; Schader et al., 2012). The impact
on biodiversity was considered in only four studies (Haas et al.,
2001; Nemecek et al., 2011a; Alig et al., 2012; Guerci et al.,
2013). However, the applied impact assessment methods do not
allow for a comprehensive assessment that covers the entire life
cycle because they only assess the biodiversity impacts of the
agricultural production phase.

A difference between organic and conventional farming is that
no synthetic pesticides are used within organic farming. Toxicity
related impacts (human toxicity, terrestrial ecotoxicity, freshwater
and marine aquatic ecotoxicity) were reported in nine of the
reviewed studies (Basset-Mens and van der Werf, 2005; de Backer
et al., 2009; van der Werf et al., 2009; Boggia et al., 2010; Juraske
and Sanju�an, 2011; Nemecek et al., 2011a; Alig et al., 2012;
Abeliotis et al., 2013; Villanueva-Rey et al., 2014). Four different
LCIA methods (CML, 2000, Eco-indicator 99, EDIP97, and USEtox)
were used, including mid- and endpoint characterization methods.
Impacts calculated for organic systemswere always lower (�20% to
�100%) than those reported for conventional systems except for
the assessment of beans in Abeliotis et al. (2013) were higher im-
pacts for terrestrial and aquatic (freshwater andmarine) ecotoxicity
were attributed to organic. The usually lower toxicity impacts in
organic can mainly be explained by the usual application of syn-
thetic pesticides in conventional systems which lead to higher
toxicity scores. However, the availability of characterization factors
for biological/natural and inorganic pesticides, which are partly
registered for use in organic agriculture, is still generally lacking.
Therefore, a thorough comparison of the two agricultural systems is
not always possible and might underestimate the impacts in the
organic systemwhen these compounds are not included in the LCA:
“lack of data” is the most stated reason in the reviewed studies.
Recent developments, such as PestLCI 2.0 (Dijkman et al., 2012) on
an inventory level and dynamiCROP (Fantke et al., 2011) on the
impact assessment level, in combination with an increasing avail-
ability of physicochemical and toxicological data, might help in
improving the analysis of toxic impacts due to emission of pesti-
cides in the future.
4. Conclusions

LCA, by definition, does not compare products but product
systems (ISO/DIS, 2006). As for a certain industrial product an
agricultural product, too may be produced in different production
processes, i.e. different farming systems. In this sense, a comparison
of organic vs. conventional products is inevitably a comparison of
organic vs. conventional farming systems. So, the comparison of the
environmental impact of organic vs. conventional products using
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LCA must reflect the impacts of these different ways of production
adequately.

However, from the 34 reviewed LCA studies, which compared
products from organic and conventional farming systems, it is not
yet possible to draw a conclusive picture on the general environ-
mental performance of the different farming systems. An important
reason for this is that comparative LCAs on agricultural products
from different farming systems often do not adequately differen-
tiate the specific characteristics of organic and conventional
farming on the inventory level. This is in accordance with the
conclusion from an expert workshop on the “Definition of Best
Indicators for Biodiversity and Soil Quality for Life Cycle Assess-
ment (LCA)”, which pointed out the importance of more detailed
assessments to illustrate the effects of different management
practices (e.g. organic vs. conventional crops) (Mil�a i Canals et al.,
2006). For example, the nitrogen emissions' calculations are espe-
cially often based on the same assumptions for both farming sys-
tems although different assumptions should actually be taken.
Often assumptions taken for the organic system are based on the
values for conventional agriculture. Unfortunately the adaptation of
emission models to extensive farming systems is sometimes hin-
dered by a lack of reliable background data from these systems.

Regarding the assessment and comparison of products from
different farming systems with LCA we identified potential for
methodological improvements at two levels:

First, physical relationships between agricultural products and
environmental effects as accounted for in attributional LCAs need
to be differentiated more precisely between farming systems and
more comprehensively regarding the relevant impact categories.
Certainly, there are differences between farming systems that can
easily be incorporated in LCA as for example different inputs (fer-
tilizers, pesticides, etc.) used within the two farming systems. Some
differences between organic and conventional farming systems,
though, are still rather difficult to be integrated in LCA as for
example effects on biodiversity and soil quality or the multi-
functionality of agriculture. Agriculture is widely seen as a multi-
functional production process (OECD, 2001) which, in addition to
food, feed and resources for energy production, provides non-
commodity outputs such as landscape provision and ecosystem
services to society. However, contemporary LCA studies focus on
the environmental friendliness of agricultural products: expressing
impacts per unit of product without allocation between commodity
and non-commodity outputs. This narrow view, which focuses
mainly on production efficiency, may often favor products from
intensive production systems, although these systems have been
shown by other assessment methods to be not environmentally
sustainable (Gibbs et al., 2009; Geiger et al., 2010; Meehan et al.,
2011). For an LCA-based comparison of farming systems beyond
product level, it is necessary to either use different functional units
to acknowledge these multifunctional outputs or to allocate the
environmental impacts to the whole set of outputs that agriculture
provides (Schader et al., 2012).

Second, to answer questions on environmental impacts of
agricultural production systems that go beyond the physical re-
lationships, i.e. policy- and environmental management related
questions, consequential LCA approaches need to be considered
that incorporate economic phenomena such as market elasticity,
rebound effects, etc. Even though, it is not always straightforward
to integrate economic phenomena into an engineering approach
such as LCA.

Conclusions that have been drawn on the environmental per-
formance of organic and conventional farming systems, based on
comparative LCAs, should be reconsidered in light of the short-
comings identified within this review. Future comparative LCAs of
farming systems must be improved accordingly.
5. Recommendations

Based on our analyses within this review, we suggest the
following recommendations to improve LCA for comparison of
products from different farming systems:

1. Since N-fluxes may be different between farming systems (in
particular between extensive and intensive systems) and the
human induced nitrogen cycle has environmental impacts on
different levels, N-fluxes should be differentiated in more detail.
Using N-balances at farm, farming branch, or field level could
serve as a cross-reference for calculated N-losses.

2. In animal production systems, different production intensities
are reflected in the feed ration composition, which leads to
different nutrient and C-composition within the excrement.
Thus, emissions during farmyard manure management and
farmyard manure fertilization in plant production should be
adjusted to the respective production intensity: as is often done
for enteric fermentation.

3. There is a need to improve N- and C-emission models for
farmyard manure management and fertilization. Changes in N-
and C-stocks in soils are influenced by different farming prac-
tices and fertilizer types, which should be reflected in the
emission models. First suggestions have been made for the
modeling of N2O-emissions from soils (Meier et al., 2012, 2014).

4. More background data on extensive farming systems should be
generated and compiled so as to be available for use within LCA
inventories (e.g. representative concentrations of nitrogen within
farmyard manure from organic farms, nitrogen content within
organic plant products, nitrogen excretion rates of animals under
different feeding intensities, reliable CH4 and N2O emission mea-
surements from farmyardmanure storage under different feeding
regimes [concentrate vs. forage based rations]). In cases where no
reliable background data is available, and data from intensive
farming systems are taken instead; this should be clearly stated.

5. Consequential LCA approaches should be used in cases where
LCA is used for analyzing different agricultural production sys-
tems to find answers for policy-making or strategic environ-
mental planning. Accordingly, system expansion should be
applied for co-product handling to fully account of the different
functions of the analyzed farming systems.
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